Summary
Introduction
World-wide, there are concerns about the modification of tropical habitats, particularly the destruction of tropical rain forests and concomitant loss of biodiversity. For monitoring purposes, data on short-lived invertebrates provide the resolution to detect significant changes in density after disturbance (Schroeter et al . 1993) , and can be more amenable to statistical analyses than vertebrate data (Kremen et al . 1993) . (Holloway, Kirk-Spriggs & Chey 1992; Hill et al . 1995; Hill 1999; Intachat, Holloway & Speight 1999; Willott 1999; Vasconcelos, Vilhena & Caliri 2000; Davis et al . 2001) . Typically, arthropod species richness declined in the logged plots and communities were dominated by a few species able to tolerate the new environment created by logging.
Natural tree falls in rain forests promote local diversity by initiating plant succession (Connell 1979 ), but gaps created by selective logging are typically larger (Hammond & Brown 1992) . After selective logging, higher canopy openness may trigger rapid regrowth and an abundant supply of young leaves for insect herbivores (Bongers & Popma 1990) , although microclimatic changes in the logged area may kill or force many insects to leave. When logs are removed using heavy machinery, soil compaction and loss of seedlings, seeds and nutrients further damage insect habitats and reduce the capacity for forest regeneration (Van der Hout 2000) . Often, the conditions created by selective logging are favourable to some arthropod species but not to others (Hill et al . 1995; Spitzer et al . 1997; Davis et al . 2001) . Because insects respond rapidly to changes in illumination in closed forests (Moore, Myers & Eng 1988) , analyses of short-term responses of arthropods to canopy openness appear important for developing conservation strategies. As far as we are aware, such short-term responses have rarely been reported.
Tropical rain forests are characterized by a high spatial heterogeneity (Wolda 1983 ). Thus it is crucial to be able to partition the variance in insect response between forest disturbance and faunal turnover with increasing distance between study sites. For example, intrinsic species turnover of litter beetles and ants with distance explained a small but significant part of the variance in species distribution among fragmented forest remnants in Amazonia (Didham et al . 1998; Vasconcelos, Vilhena & Caliri 2000) . In the understorey of an unlogged rain forest in Guyana, most variance in the distribution of insect herbivores was due to spatial aggregation rather than diurnal activity or seasonality (Basset 2000) . Hence, and unlike most previous studies, comparisons of pre-and post-logging treatments on insects should include adjacent plots (i.e. within a few hundred metres), thereby minimizing the effects of spatial aggregation. Ideally, comparisons should include before/after-control /impact designs (BACI), in which plots are sampled before and after interventions such as logging (Stewart-Oaten, Murdoch & Parker 1986 ). This design avoids speculation when determining a posteriori the ecological processes leading to local extinction (Karr 1982) . However, as far as we are aware, this has not been used in studies examining the longterm effects of logging.
Identifying the attributes that make certain species vulnerable to logging is a key research need (Didham et al . 1998) . Attributes may include local abundance, regional distribution, dispersal abilities (related to body weight and /or life span in insects) and ecological tolerance (Tilman et al . 1994; Granjon et al . 1996; Hamer et al . 1997; Spitzer et al . 1997; Didham et al . 1998; Johnson 1998) . One of the most species-rich components of tropical arthropod faunas comprises the insect herbivores, a taxonomically diverse group with a variety of life histories. They are ideal for exploring whether taxonomic or ecological attributes make some insect species more susceptible to logging than others. In addition, insect herbivores foraging in the understorey, for example on seedlings, are easier to survey than those in the canopy (Basset, Charles & Novotny 1999) . Normally the forest understorey is relatively moist, cool and still, in contrast to the canopy (Blanc 1990 ), but the understorey microclimate may be extensively modified by tree felling, with consequences for insects foraging on seedlings.
The aims of this study were to use a BACI design to evaluate the short-term effects of canopy openness, created by selective logging, on the abundance and diversity of insect herbivores foraging on seedlings in the understorey of an unlogged rain forest in Guyana. Seedlings were monitored for insects 1 year before and 1 year after a tree felling experiment that mimicked selective logging, and was confined to a study site of 1 km 2 . We tested whether insect species affected by canopy openness had particular taxonomic or ecological attributes, such as local abundance, local distribution, spatial aggregation, body weight, host specificity, diurnal activity and seasonal phenology.
Materials and methods

    
Insect sampling was performed in a 0·92-km 2 plot of unlogged forest (block 17), in the Camoudi compartment of the logging concession of Demerara Timbers Ltd, 40 km South of Mabura Hill, central Guyana (5 ° 13 ′ N, 58 ° 48 ′ W, altitude approximately 30 m a.s.l.). Block 17 was in a matrix of selectively logged and unlogged blocks. No disturbance took place west of block 17 to the Essequibo River (300 m) during the study years. In other directions, moderate selective logging occurred, particularly during the first study year, but was always at least 200 m away. The main forest types in block 17 included both well-and poorly drained mixed forests (ter Steege et al . 1996) . Annual rainfall at Mabura Hill is large and variable (2500-3400 mm) and annual mean air temperature is 25·9 ° C (ter Steege et al . 1996) .
Insects were collected on the seedlings of the following species, which are either considered important timber species in Guyana or were relatively common in block 17: Chlorocardium rodiei (Schomb.) Rohwer, Richter & van der Werff (Lauraceae, known locally as 'Greenheart'), Mora gonggrijpii (Kleinh.) Sandw. (Caesalpiniaceae, 'Morabukea'), Eperua rubiginosa Miq. (Caesalpiniaceae, 'Water Wallaba'), Pentaclethra macroloba (Willd.) Kuntze (Mimosaceae, 'Trysil') and Catostemma fragrans Benth. (Bombacaceae, 'Sand Baromalli'). All are shade-tolerant species common in mono-dominant forests in Guyana (ter Steege et al . 1996) . Most of the selected tree species are heavyseeded, mainly with unassisted dispersal , and offspring occur typically in dense aggregations in the vicinity of the parent tree. A collecting site was defined as a fixed number of tagged seedlings (40 for Chlorocardium and Catostemma , 50 for Mora and Eperua , 15 for Pentaclethra ) growing in the vicinity of the parent tree. Fifty such collecting sites were chosen for each host-plant species in block 17 (total 250 sites and 9750 seedlings). Because most tree species and their seedling populations grow in a clumped fashion (Basset 2000) , sites could not be assigned randomly in block 17. However, this had little incidence on the analyses performed (see assumption 1 in the statistical methods). Tagged seedlings that died during the course of the study were replaced by other non-tagged seedlings that grew below the parent tree. The rationale for the site design and insect sampling protocol (see below) resulted from pilot studies, thus ensuring that insect collections were representative and practical. Other characteristics of the study area are detailed elsewhere (Basset 1999; Thomas 1999) .
 -    
Trained assistants carried out most of the sampling . From October 1996 to September 1997, 11 monthly insect surveys were organized (year 1). During October 1997, half of the parent trees at the sites were felled ( n = 125), together with adjacent trees to increase local canopy openness (see below). Hereafter, control sites refer to sites where parent trees were not felled and impact sites refer to sites where parent trees were felled. Felling mimicked selective logging where only particular tree species are cut, thus localizing damage ( Van der Hout 2000) . In total, about 2 trees ha -1 were felled, corresponding to 0·7 m 2 of basal area ha -1 . This is consistent with felling intensities under many commercial operations in Guyana ( Van der Hout 2000) . The size of the gaps created at the impact sites ranged between 175 m 2 and 600 m 2 [as measured with Runkle's (1981) method], and most were between 300 and 400 m 2 , an area equivalent to medium-sized natural gaps in block 17 (Charles 1998) .
Canopy openness at the impact sites was measured using hemispherical photographs (Kabakoff & Chazdon 1996) . All pictures were taken from the centre of the sites during moderate cloud cover or low sun. The images were analysed using  5·0, in which canopy openness was quantified as the fraction of the hemisphere not intersected by vegetation cover (ter Steege 1997) . Canopy openness at impacted sites ranged from 4 to 53%, with a median value of 26% (as opposed to < 5% before the treatment; Thomas 1999 ). The main difference between the felling treatment and selective logging as practised in Guyana was that the logs of parent trees were not removed from the site. Log extraction usually involves the use of heavy machinery that leads to considerable seedling loss around felled trees.
From January to November 1998 (year 2), a further 11 insect surveys were performed. At each survey, during both years of sampling, all tagged seedlings of the 250 collecting sites were inspected once for insect herbivores. On average, one assistant spent at least 30 min during daylight at each collecting site, carefully inspecting each tagged seedling. As far as possible insects flying away were recorded to family. Overall, field sampling effort during the 2 study years amounted to 1114 person-days.
    
The sampling protocol targeted free-living insect herbivores collected by hand or with aspirators during daylight. This included leaf-chewing (Chrysomelidae, some Curculionidae, juvenile Lepidoptera and some Orthoptera) and sap-sucking insects (Homoptera and some Heteroptera). Juveniles of leaf-chewing insects (i.e. caterpillars) were collected and reared with young foliage from seedlings grown for this purpose. Juveniles of sap-sucking insects were not collected but recorded to the nearest insect family. Leaf-chewing insects were kept in plastic vials with young leaves of the host-plant species from which they were collected. The vials were kept for 3-4 days in block 17 and evidence of leaf damage and frass recorded. Insect species responsible for obvious damage were later assigned to the 'feeding' category, whereas all others, including dead insects, were assigned to the 'non-feeding' category. Only the feeding insects were assigned to morphospecies (hereafter species) and included in analyses. Insect specimens were mounted, assigned to species on the basis of morphological characters and genitalia, issued with a unique specimen access number and recorded in a database. Whenever possible, taxonomists examined the material in detail (see the acknowledgements). Specimens were deposited in the collection of the Centre for the Study of Biodiversity, University of Guyana, Georgetown, Guyana.
In situ feeding of leaf-chewing insects was also recorded for the host-plants studied. From this information, as well as from distributional records, leaf-chewing and sap-sucking insects were classified as 'specialist' or 'generalist' by calculating Lloyd's index of patchiness (Lloyd 1967 ; for further details see Basset 1999) . A species was considered to be a specialist if 80% or more of the individuals were on a single host species. Species lists with host specificity categories, faunal similarities between insect communities supported by seedlings and parent trees, as well as temporal and spatial aspects of insect distribution in the unlogged plot, are detailed elsewhere (Basset 1999 (Basset , 2000 Basset, Charles & Novotny 1999; Basset & Charles 2000) .
 
We assessed the impact of tree felling and canopy openness with an unreplicated BACI analysis (StewartOaten, Murdoch & Parker 1986; Schroeter et al . 1993) . This involved calculating the differences in insect abundance between control and impact sites during each survey, and then comparing the averages of these differences before and after felling. For each survey, insect data were pooled for either control or impact sites, ensuring that sample sizes were large enough. BACI tests were only performed with species common enough for the analyses, i.e. species in which at least a total of 22 individuals was collected during the 2 study years (at least one individual collected per survey on average). Data were log( x + 1) transformed and those collected before disturbance were tested for the following assumptions. 1. Differences in abundance were not significantly different between control and impact sites before the felling (paired t -test). 2. Differences in abundance were additive (Tukey's additivity test, in which differences in abundance are regressed against average differences between control and impact sites; a slope significantly different from zero denotes non-additivity). 3. Differences in abundance did not vary significantly through time (regressions between survey numbers and differences were not significant) and random errors of the differences were independent (Durbin-Watson test). 4. Differences in abundance were normally distributed (Kolmogorov-Smirnov-Liliefors test).
BACI analyses were only performed with species data satisfying assumptions 1-3. In rare cases, independence of the data could be achieved by removing one outlier data point (Stewart-Oaten, Murdoch & Parker 1986) . If the data were normally distributed, we tested the effect of felling by a t -test between the differences of abundance before and after the felling (11 surveys before and after; pooled degrees of freedom = 11 + 11 -2 = 20). In other cases, we tested this effect by a non-parametric Mann-Whitney test (sample size n 1 = n 2 = 11). Rainfall often significantly affects plant phenology and insect seasonality in the tropics ( Wolda 1983) . It is well-known that monthly rainfall in the Amazon basin is highly variable (Adis & Latif 1996) . Indeed, the amount of rainfall for a specific month varied considerably between 1997 and 1998, thus precluding the comparison of the surveys in a pairwise analysis.
Significance levels in all tests were corrected with the Bonferroni method, to account for the number of simultaneous tests. For taxa responding significantly to felling, an index of effect size (ES) was calculated as the natural logarithm of the ratio of the mean number of individuals per survey at impact sites to the mean number of individuals per survey at control sites, after felling:
where I i and C i are the sum of individuals collected (untransformed data) at the impact and control sites, respectively, during survey i , and n is the number of surveys ( n = 11). A index score of ln2 (= 0·69) or greater would correspond to an average 50% increase or greater in population at the impact sites relative to background levels at the control sites.
BACI tests were also performed with the number of individuals within higher taxa and within whole guilds (leaf-chewing insects, sap-sucking insects and all herbivores). Besides abundance data, we tested for changes in the number of species present and in the evenness of insect communities. The latter was calculated with the index of evenness E, proposed by Bulla (1994) for abundance data.
The similarity of herbivore communities in the four situations studied (control and impact sites, before and after the felling) was measured by the Morisita-Horn index (Magurran 1988 ) with the program E  S (Colwell 1997) . We further tested for differences in the pairs of species-abundance distributions (species ranked by abundance) among the four situations using the Kolmogorov-Smirnov two-sample test (Tokeshi 1993) .
We compared the taxonomic and ecological attributes of insect species with and without significant response to felling. These attributes included the higher and lower taxonomy (family level and pairs of congeneric species, respectively), local abundance, host specificity (Lloyd index), local distribution, body weight, diurnal activity, seasonal activity and spatial aggregation (Basset 1999 (Basset , 2000 . Whenever sample size (i.e. the number of species) was large enough, the association between attributes and response was tested with Mann-Whitney and G -tests.
The relative effect of six variables on the insect herbivore community was estimated (i.e. the common insect species). Impact sites after felling, for which all six variables were measured, were ordinated using detrended correspondence analysis (DCA) and canonical correspondence analysis (CCA), performed with  (ter Braak & Smilauer 1998) on the sums of individuals for each species. We partialled out the total variance in the system (total intertia of the DCA) from that accounted by the variables (total inertia of the CCA) after Borcard, Legendre & Drapeau (1992) . For each site, six environmental variables were standardized while considering the average value measured for each host-plant species, in order to minimize host effects. the average specific leaf area (Basset 1999) . Note that the growth of the seedlings was rather low during the experiment (< 5% of leaf area; Basset 1999 For impact sites after felling, we checked the relationships between canopy openness and (a) total number of insect individuals collected; (b) total number of species collected; and (c) evenness of communities measured by the index E.
Results
    
In total, 27 735 insect individuals were collected during the study, including 3148 leaf-chewing insects from at least 179 species and 24 587 sap-sucking insects from at least 425 species. Most species were rare (38% of the species collected as singletons). However, 60 species were considered to be common ( n ≥ 22), including 50 species of sap-sucking and 10 species of leaf-chewing insects; they represented 10% and 38% of the total number of species and individuals collected, respectively. Most of the common species were generalists (52 generalists and eight specialists).
Whereas the total number of leaf-chewing insects did not increase between study years (1611 and 1537 individuals collected, respectively), sap-sucking insects increased from 7412 to 17 175 individuals. This difference was due mainly to an increase of the specialist psyllid Isogonoceraia sp. and its nymphs, feeding on Eperua rubiginosa . Insect abundance and species richness appeared higher at impact sites than at control sites after felling (Fig. 1) . In contrast, the evenness within communities at the impact sites decreased after felling, being dominated by fewer species in comparison with control sites. BACI tests confirmed these effects. The total number of herbivores and the total number of sap-sucking insects were not amenable to the analyses due to being autocorrelated in time (Durbin-Watson tests; Table 1 ). The total number of leaf-chewing insects and that of sap-sucking insects without accounting for psyllids showed a significant effect size of +0·29 and +0·46, respectively, at the impact sites after felling. After felling, the impact sites included 39 species more than the control sites, but evenness decreased from 0·419 to 0·326.
The most similar sites, in terms of faunal composition, were the control and impact sites before felling (Table 2 ; Morisita-Horn index of 0·946), whereas the impact sites before and after felling were least similar (0·557). This sharp decline in similarity confirmed the effect of the felling treatment on insect herbivores. Kolmogorov-Smirnov two-sample tests (Table 2) indicated that species-abundance distributions at the control and impact sites before felling were not significantly different (Fig. 2) . Consistent with Morisita-Horn indices, the species-abundance distributions were significantly different at the control and impact sites after felling. They did not differ significantly between control sites before and after the felling. This suggests that changes in species abundance were not much influenced by temporal change and annual variability but, rather, by spatial differences at the study sites (see further data in Basset 2000) and, particularly, by felling. None of the species-abundance distributions for control and impact sites, before or after felling of the parent trees, fitted either a log-series or a log-normal distribution (chi-square tests, all with P < 0·05). The rank abundance of the 10, 20 and 30 most common leaf-chewing species was not correlated between control and impact sites after felling (Spearman's rank correlation coefficient r s = 0·492, 0·330 and 0·217, respectively, all P -values > 0·05). Similarly, the rank abundance of the 10 and 20 most common sap-sucking species was not correlated between control and impact sites after felling ( r s = 0·600 and 0·400, P > 0·05), but that of the 30 most common species was ( r s = 0·411, P < 0·05). There was no indication that impact sites were invaded by species from parent trees (insect data for parent trees are presented in Basset, Charles & Novotny 1999) . For example, the 10 most common leaf-chewing and sap-sucking species on seedlings and parent trees were little related ( r s = 0·207 and -0·061, respectively, both P > 0·50).
      
Out of the 19 higher taxa considered (18 families and one order), six did not satisfy the various assumptions for the BACI analyses, nine did not respond significantly to felling and four showed some significant responses (Tables 3 and 4) . Chrysomelidae, Coreidae, Membracidae and Psyllidae all increased in abundance at the impact sites after felling. The latter three showed an effect size ≥ 0·69, but only Membracidae and Psyllidae remained significant after Bonferroni correction with P < 0·0038. Only one common species, the eumolpine 'CHRY010', was not collected at the impact sites after felling. Out of 10 species of leaf-chewing insects considered for the analyses (Table 3) , five could not be tested, three showed no significant response, and two increased significantly at impact sites (40% of species tested; only one remained significant after Bonferroni correction). Similarly, out of 50 species of sap-sucking insects (Table 4) , 20 could not be tested, 19 showed no significant response, and felling had a significant effect on the remaining 11 (37% of species tested). Within the latter group, seven species increased in abundance at the impact sites, one showed a zero size effect, and four species decreased in abundance. After Bonferroni correction (with P < 0·0017), only two species showed a significant and positive response. In sum, out of 35 species of herbivores that were tested, 14 (40%) showed significant responses to the felling treatment, including 10 species (29%) with an effect size larger than 0·69 (or smaller than -0·69), and three (9%) remained significant after Bonferroni correction ( P < 0·0014).
However, the abundance of species that did not meet the assumptions for the BACI analyses were on average significantly lower than the abundance of species that could be tested ( U = 597·0, P < 0·05, n 1 = 25, n 2 = 35). In addition, more abundant species were more likely to show significant responses to the felling, as indicated by comparing the abundance of significant vs. nonsignificant species ( U = 81·50, P < 0·05, n 1 = 13, n 2 = 22). For example, if the threshold for including the species in the analysis was doubled (n ≥ 44 individuals collected), 48% of the species showed a significant response at P < 0·05 (12 species out of 25).
Species with positive responses to felling belonged to diverse families. Species with negative responses belonged to the Derbidae, Cixiidae and Cicadellidae, in the genera Herpis, Pintalia and Soosiulius, respectively. Six pairs of congeneric species fulfilled the criteria for BACI analyses: Dasmeusa spp., Herpis spp., Pintalia spp., Soosiulius spp., Nr Oragua spp. and Mysidia spp. The first three pairs included species that showed variable responses, while two species of Herpis showed a positive and a negative response.
There was no effect of host specificity (Lloyd's index) on species' responses to felling, when comparing species with significant responses to those without response (Mann-Whitney U = 115·5, P = 0·29, n 1 = 13, n 2 = 22). Similarly, there was no effect of local distribution (as measured with the number of sites in which a species was collected) on species' responses to felling, when comparing the species with significant Fig. 2 . Species-abundance distribution for entire herbivore communities at control sites before and after felling, and at impact sites before and after felling. Table 2 . Community-level comparisons between the control and impact sites, before and after the felling of parent trees: (a) upper matrix of similarities in the total herbivore fauna as measured by the Morisita-Horn index; (b) upper matrix of KolmogorovSmirnov two sample tests for differences in the pairs of species-abundance distributions (probability in parentheses)
Site
Control-after Impact-before Impact-after Table 3 . Results of BACI tests (t-test or Mann-Whitney U, values in bold are significant) for species and higher taxa levels of leafchewing insects. Number of individuals for control and impact sites during years 1 and 2. Codes used for the ordinations are in parentheses and bold (*data insufficient for the ordinations). Pooled degrees of freedom of t-tests = 20, sample size of MannWhitney tests = n 1 = n 2 = 11 responses to those without response (Mann-Whitney U = 148·0, P = 0·97, n 1 = 13, n 2 = 22). There was no effect on species response to felling due to insect body weight, diurnal activity, seasonal activity and spatial aggregation (data in Basset 2000; Mann-Whitney tests, all P > 0·05). The effect of host-plant was significant only when considering the preferred host (G-test, G = 10·00, P < 0·05, d.f. = 1). In particular, three species preferring Chlorocardium rodiei had a negative effect size, while five species preferring Catostemma fragrans had a positive effect size.
       
There were no significant correlations between the environmental variables recorded at each site, but there was a weak correlation between canopy openness and leaf production at the impact sites after felling (r s = 0·200, P < 0·05, n = 125). Further, canopy openness and the total number of insect herbivores collected were significantly and positively related (r = 0·20, F = 5·14, P < 0·05, n = 125), as were canopy openness and the evenness of insect communities (negative relationship; r = 0·25, F = 8·01, P < 0·01, n = 125; Fig. 3) . However, the regression between canopy openness and total number of species was not significant (F = 3·81, P = 0·053, n = 125; Fig. 3 ). Linear regressions indicated that for standardized values of canopy openness of 1·0 (i.e. about 26%) and 1·5 (about 40%), patterns were similar: the number of individuals still increased, while the evenness of communities continued to decrease (Fig. 3) .
The total inertia of the DCA (not presented here) was 6·32. The CCA grouped the herbivore species in a (cont'd ) similar way to the DCA for the first four axes (r = 0·66, 0·55, 0·43 and 0·42, respectively; P < 0·05 in all cases, n = 56; Fig. 4) . The total sum of eigenvalues in the CCA was 0·354, indicating that the six constraining variables explained 5·6% of the total variance (0·354/ 6·320 = 0·056). The first canonical axis accounted for 46% of the variance explained by the CCA. Figure 4 explains 62% of variance in the constrained system and 3·5% of variance in the real matrix of observations. The relationship between the species and the environmental variables was not significant except on axis 1 (Monte Carlo test, F = 1·17, P = 0·09 and F = 3·12, P = 0·01, respectively, n = 199 permutations). The best explanatory variable for the formation of axis 1 was the number of young leaves produced (Table 5 ). For the 14 species showing either a positive or negative effect to felling, scores on axis 1 of the CCA were significantly different (U = 35·0, P < 0·01, n 1 = 5, n 2 = 9), the species with a negative effect size having low scores. Two of them, Soosiulius fabricii and S. interpolis, are xylem feeders that were observed in situ to feed indifferently on both young and mature foliage.
Discussion
       
The sampling design focused on the effect of canopy openness on insects foraging on seedlings, rather than on the consequences of disturbance and removal of insect food resources, such as seedlings. The preservation of seedlings, due to the absence of skidding or the use of heavy machinery to extract logs, was the main difference between the felling treatment and conventional selective logging (Van der Hout 2000) . Removal of plant resources and the concomitant loss of species of insect herbivores has been well documented in several rain forests (Hill et al. 1995) . Our results further indicate that insect herbivores respond within a few months to changes in leaf production that follow the slightest opening of the canopy. About 9%, 29% and 40% of species tested showed a significant response to felling, whether considering a Bonferroni correction, a doubling or halving of populations at impact sites (absolute value of effect size ≥ 0·69, or uncorrected probabilities, respectively.
Because the use of a Bonferroni correction cannot be justified on biological grounds, depends on irrelevant information such as the number of other questions studied, is subjective and can be easily manipulated to report very different results (Stewart-Oaten 1995; Cabin & Mitchell 2000) , we prefer to report on the proportion of species with an effect size in absolute terms ≥ 0·69 (29% of species). Although a proportion of 29% of species with significant responses may appear high, particularly when considering the low level of disturbance induced, it is rather conservative, as many species were rare on seedlings. To satisfy the assumptions of BACI analyses, species had to be well represented in our samples. Restricting the analyses to species with greater abundance resulted in a higher proportion responding significantly to disturbance (Didham et al. 1998) .
Unlike studies of long-term effects of logging on invertebrates that sometimes related disturbance to the degree of fit of the data to the log-normal distribution (Hill & Hamer 1998; Nummelin 1998) , the present data did not fit either the log-normal or the log-series distributions, before or after the felling. This pattern may perhaps be explained by the low level of disturbance induced, along with the sampling of a rather 'open' system (i.e. particular host-plants that may be visited by transient species of insect herbivores), resulting in the collection of many singletons . However, the evenness of communities, as estimated with the index E (Bulla 1994) , was a very sensitive indicator of disturbance. Its use, perhaps along with biomass data (Basset et al. 1998) , should be explored further in studies assessing the effects of forest disturbance on invertebrates.
We also believe that Lawton et al. (1998) were overpessimistic when noting the huge scale of the biological effort required to provide inventories of tropical diversity and to assess the effect of forest disturbance on tropical invertebrates. The present study showed that local parataxonomists, adequately trained and benefiting from feedback from taxonomists, can provide sound data within the framework of short-term studies with modest infrastructure . This strategy proved feasible despite the excessively low insect densities recorded within the study system (Basset 1999) .
         
At the community level, felling increased insect abundance (particularly of psyllids) and species richness, but, at the same time, reduced community evenness. Such responses have typically been attributed to intermediate levels of disturbance, such as those induced by the present treatment (Connell 1979; Petraitis, Latham & Niesenbaum 1989) . Moderate levels of disturbance in tropical rain forests often increase insect species diversity, particularly of butterflies, by increasing habitat heterogeneity (Spitzer et al. 1997) . For example, in block 17, large natural rain forest gaps (450-900 m 2 , average 34% canopy openness) support higher insect abundance and diversity, including Chrysomelidae, Membracidae and Cicadellidae, than do smaller gaps (Charles 1998) . As certain species tolerate the new conditions induced by disturbance better than others, evenness in the communities may decrease and overall insect abundance, particularly of sap-sucking insects, may increase. However, increase of abundance largely occurs among those species with wide ecological tolerances and large geographical ranges (Hamer et al. 1997; Spitzer et al. 1997) , whilst other, more ecologically restricted, species may decline. Further, dominant competitors with poor dispersal abilities might become extinct (Tilman et al. 1994) .
The CCA showed that, at median values of 26% of canopy openness, the distribution and abundance of insect species at the impact sites after felling were more influenced by leaf production of seedlings than by the opening of the canopy. Because canopy openness often triggers leaf production of rain forest plants in forest gaps (Bongers & Popma 1990) , and insect herbivores usually depend on the presence of young foliage in rain forests (Wolda 1983) , these results are to be expected, given the low levels of disturbance induced. The low level of variance explained by this analysis (6% of the total spatial variance) was expected, as we did not include variables accounting for host-plants (Basset 2000) . The important point in this analysis is that insects responded more clearly to changes in leaf production than to changes in canopy openness for the range of canopy openness that was induced. Linear regressions (Fig. 3) further suggested that these trends may not be much different for values of canopy openness close to 40%, slightly higher than corresponding values for large natural gaps in block 17 (Charles 1998) .
Species' responses to felling were not clearly related to higher taxonomy, since those species responding belonged to various families and genera. As the ecology of most species was unknown, it was difficult to identify common ecological traits among species sensitive to felling. Although we tested for possible influences of host specificity and local distribution in the study plot, these tests were not conclusive. In the first instance, few specialist species existed in the study system (Basset 1999) , and in the second, the number of sites where the species were collected reflected local distributions, not regional distributions. We found no obvious effect of diurnal activity, seasonality, spatial aggregation or, like Didham et al. (1998) , body weight on species' responses to forest disturbance. More interesting, the CCA showed that species with positive responses to felling were more sensitive to leaf production (e.g. Isogonoceraia sp.). In contrast, species with negative responses to felling were indifferent to the presence of young foliage (e.g. Soosiulius interpolis and Pintalia spp.). These species may also be able to feed on mature foliage, but may be particularly sensitive to microclimatic changes induced by the felling and opening of the canopy.
Impact sites were not invaded by species common in the canopy after the felling. This observation differs from Davis & Sutton (1998) , who compared the fauna of dung beetles in unlogged and logged sites in Malaysia and found that canopy species were sometimes present at ground level within logged sites. Unlike the resources available to dung beetles, plant resources for insect herbivores are different in the understorey and canopy, thus resulting in low faunal overlap and selective insect communities with regard to forest strata (Basset, Charles & Novotny 1999) .
One may ask whether the large number of generalist insect species in the study system had any influence on the results of the felling treatment. For example, Granjon et al. (1996) showed that, for small mammals and bats, the best survivors in a fragmented landscape in French Guiana were generalist species. It is possible that a study system including fewer generalist species (e.g. a system focusing on different plant resources or on a different forest type) could have revealed more drastic effects of the felling treatment with equal levels of disturbance, and possible interactions with hostplant effects. This could be of particular concern if canopy insects overall prove to be more specialized than understorey insects.

There are two main implications of the present study. First, the data indicate that insect species respond rapidly to relatively moderate disturbance in variable ways (no change, significant increase or significant decrease). Therefore, it is difficult to envisage how higher taxa, such as families, could be used as umbrella species or indicators to monitor the effects of disturbance on insect herbivores. Further, species in three of the six pairs of congeneric species available for analyses showed variable responses. Thus, like many others (Flather et al. 1997; Didham et al. 1998; Lawton et al. 1998) , we doubt that useful indicator species could be identified to monitor the responses of invertebrates to forest disturbance. A multispecies approach, including functional guilds, appears to be better suited to this end (Didham et al. 1996 (Didham et al. , 1998 .
Secondly, our data show that, for median values of canopy openness of 26%, leaf production, not canopy openness, was the important variable that affected insect communities. Although these communities were affected by felling, they remained faunistically similar to the communities at control sites (Morishita-Horn index of 0·857); there was no obvious loss of common species, although some showed a significant decline in abundance. This suggests that, in this study system and under the same experimental conditions, species loss in the understorey will be affected primarily by alteration and removal of plant resources, not by change in canopy openness. Therefore, if damage to understorey plant resources via timber extraction can be minimized, and canopy openness could stay under a critical threshold, harm to insect communities in the understorey might be reduced and loss of species prevented, at least in the short term. Damage to understorey plant resources is often reduced when applying reduced impact logging techniques (RIL; Johns, Barreto & Uhl 1996; Pinard & Putz 1996; Van der Hout 2000) . There are also indications that RIL may reduce species loss and preserve the evenness of certain taxocenoses in the long term, such as dung-feeding Scarabaeoidea (Davis et al. 2001) and ants (Vasconcelos, Vilhena & Caliri 2000) . The other critical condition is ensuring that the forest matrix remains relatively large and intact to act as an efficient reservoir for insect recolonization after disturbance. For example, in the Amazon litter beetles need more than 1 km 2 of intact forest to subsist (Didham 1997) . The above considerations may apply only to insect herbivores in the understorey (for canopy insects see Willott 1999) . In sum, we found some support for RIL from a conservation viewpoint and, above all, for promoting studies that examine how best RIL could minimize the loss of biodiversity in tropical wet forests.
